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Abstract: The bottom sediments of shallow lakes are an important nutrient sink; however, turbidity
may alter the influence of water depth on sediment nutrient uptake by reducing light and associated
oxic processes, or altering nutrient availability. This study assessed the relative influence of water
quality vs. water depth on sediment nutrient uptake rates in a shallow agricultural lake during spring,
when sediment and nutrient loading are highest. Nitrate and soluble reactive phosphorus (SRP) flux
rates were measured from sediment cores collected across a depth and spatial gradient, and correlated
to water quality. Overlying water depth and distance to shore did not influence rates. Both nitrate
and SRP sediment uptake rates increased with greater Secchi depth and higher water temperature,
and nitrate and SRP rates increased with lower water total N and total P, respectively. The importance
of water temperature on N and P cycling was confirmed in an additional experiment; however,
different patterns of nitrate reduction and denitrification suggest that alternative N2 production
pathways may be important. These results suggest that water quality and temperature can be key
drivers of sediment nutrient flux in a shallow, eutrophic, turbid lake, and water depth manipulation
may be less important for maximizing spring runoff nutrient retention than altering water quality
entering the lake.

Keywords: agriculture; eutrophication; denitrification; lake depth; sediment; temperature

1. Introduction

Anthropogenic activities have altered almost every major aquatic ecosystem around
the world, including dramatically increasing pollutants from the landscape to receiving
waters [1]. Agriculture, specifically, is responsible for biodiversity loss and the degradation
of land and freshwater resources [2], and nutrient runoff from crop fertilizer is the largest
nutrient source into surface waters globally [3]. These inputs can increase surface water
productivity and accelerate lake and stream eutrophication, which can degrade water qual-
ity, aquatic habitat and communities, and recreational activities [4,5]. Excess nutrients can
also fuel the growth of heterotrophic microbiota that further increases the system’s oxygen
(O2) demand and exacerbate hypoxia [6,7]. These effects occur locally in agroecosystems,
but nutrients can also be transported hundreds of kilometers downstream and affect coastal
environments. Understanding the conditions that control nutrient removal pathways in
water bodies that directly receive runoff is crucial to minimizing downstream fluxes.

The Mississippi River Basin covers approximately 40% of the United States and
accounts for 90% of the freshwater inflow to the Gulf of Mexico [8]. The Mississippi
and Ohio–Tennessee river basins have severe local and regional water quality problems
and contribute a significant portion of the nitrogen (N) and phosphorus (P) loading to
the Northern Gulf of Mexico. These nutrients have caused seasonal hypoxia (dissolved

Water 2021, 13, 1344. https://doi.org/10.3390/w13101344 https://www.mdpi.com/journal/water

https://www.mdpi.com/journal/water
https://www.mdpi.com
https://orcid.org/0000-0001-9240-2151
https://orcid.org/0000-0003-3304-6913
https://www.mdpi.com/article/10.3390/w13101344?type=check_update&version=1
https://doi.org/10.3390/w13101344
https://doi.org/10.3390/w13101344
https://creativecommons.org/
https://creativecommons.org/licenses/by/4.0/
https://creativecommons.org/licenses/by/4.0/
https://doi.org/10.3390/w13101344
https://www.mdpi.com/journal/water


Water 2021, 13, 1344 2 of 18

oxygen (DO) < 2 mg/L) in the lower water column that has negatively impacted the health
of the Gulf of Mexico ecosystem [9,10]. Within the original alluvial plain of the Lower
Mississippi River Basin, over 80% of the land known as the “Delta” is used for row crop
agriculture, which has placed numerous stressors onto local freshwater systems [11]. Lakes
and streams in the Delta suffer most from excessive sediment, nutrients, and pesticides
associated with agricultural runoff [11]. Oxbow lakes in the Delta undergo natural depth
reduction due to sedimentation from the surrounding watershed and often turn into slow-
moving, wetland-type bodies of water over the course of centuries [12–15]. Many Delta
oxbow lakes are equipped with water control weirs that can directly control lake depth,
and lakes are connected to the larger regional rivers through small inflow and outflow
channels. Therefore, these lakes are more indicative of bayou systems with fluctuating
water depths whose hydrology depends both on precipitation and local irrigation practices.
Delta lakes are extremely slow-flowing, creating a system of connected shallow lakes,
streams, and wetlands channeling water across the large, flat alluvial plain and therefore
have the potential to greatly influence nutrient removal rates.

Shallow lake sediments can be both sinks and sources of nutrients depending on
system hydrology as well as spatial and temporal variation in physicochemical sediment
characteristics [16–19]. Nutrient retention can occur through burial in sediments in mineral
form during sedimentation, microbial, algae, or plant uptake, or permanent loss through
denitrification [20]. Denitrification is the anoxic process whereby bacteria produce nitrogen
gas (N2), or nitrous oxide gas (N2O), by using NO3

− or NO2
− as terminal electron acceptors

for respiration when oxygen availability is low [21,22]. This process permanently removes
nitrogen from the aquatic environment into the atmosphere, so is often emphasized in
N pollution remediation. Agricultural lake sediments can be hotspots for denitrification
due to high organic matter accumulation, high NO3

− in the overlying water column,
and predominant low O2 conditions at the water–sediment interface [23,24]. Sediment
deposition can also benefit downstream water quality by reducing the concentration of
suspended solids and turbidity of surface waters, which in turn retains P and other nu-
trients sorbed to suspended sediments [25]. Slow-flowing lakes produce a longer water
residence time that allows excess particles to settle and nutrients to be retained or removed
from the system before transport downstream to alter coastal and open ocean environ-
ments [22,26,27]. Research regarding sediment P dynamics has been a special emphasis
as it is considered a global issue affecting eutrophication [28–31]. Multiple factors can
influence nutrient removal rates, including the aforementioned conditions, as well as redox
potential, pH, and temperature [24]. As a result, understanding lake sediment nutrient
retention is fundamental to understanding their potential for nutrient runoff mitigation,
as well as the eutrophication potential of these lakes receiving agricultural runoff.

This study investigated whether physicochemical or hydrological factors are more
strongly correlated to sediment nutrient flux rates within an agriculturally influenced
shallow lake in the Mississippi River alluvial valley. Roundaway Lake was used as a
model system as it is representative of the hundreds of shallow, eutrophic, turbid lakes
scattered throughout the Mississippi Delta region. Specifically, our goal was to assess the
relative importance of water depth and water quality in promoting nutrient removal by
lake sediments, as water levels in these lakes are not directly tied to precipitation and
fluctuate with irrigation withdrawal and return flow. Here, water quality includes chemical
and physical aspects, including nutrients, turbidity, and temperature. Our objectives were
to determine whether sediment N and P flux rates (1) differed spatially in the lake relative
to both upstream to downstream, and near shore to mid-lake location (i.e., with water
depth); and (2) were correlated with varying water quality that occurs as spring pollutant
pulses enter the lake and are processed over time. We conducted this study during spring,
when water levels, nutrient, and sediment inputs are typically greatest due to precipitation
runoff. This timing allowed for the greatest variation in lake depth and is a time of highest
nutrient transport to downstream systems. We hypothesized that high turbidity would
limit oxygen near sediments, leading to greater phosphate release, but potentially higher
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nitrate uptake. Less light reaching sediments will also create similar microbial autotrophic
conditions throughout the lake regardless of depth, reducing the influence of depth on
nutrient removal, and increasing the influence of water quality. This information can be
used to ascertain if actively managing water quality or water quantity would be more
effective at decreasing nutrient transport from agricultural landscapes during periods of
high pollutant loading.

2. Materials and Methods

Field sampling was conducted in Roundaway Lake, Coahoma County, Mississippi
(34◦01′06.2′ ′ N 90◦35′41.4′ ′ W). The lake has an approximate volume of 2.1 to 2.2 million
m3, and the lake surface area is approximately 1.6 km2. A bathymetry map is provided as
supplemental information (Figure S1). Roundaway Lake has a general U-shaped bottom
morphology, with the greatest depth at mid-lake and a relatively steep sloping bottom
towards the bank. The upstream and downstream sections are shallower than the middle
section. The lake is considered a riverine oxbow, as it has inflow field drainage ditches to
the north, and drains to the southwest into the Sunflower River (Figure 1A). Roundaway
Lake is one of hundreds of oxbow lakes scattered throughout Northwestern Mississippi in
the Mississippi Delta. The Mississippi Delta is a flat, lowland floodplain encompassing
approximately 18,000 km2 of alluvial deposits, framed by the Mississippi River on the
western boundary and the steep topography of the Bluff Hills on the eastern boundary [32].
As alluvial floodplain deposits are naturally rich in P and organic materials, the Delta has
been converted over time to meet intense agricultural and flood control demands [11].
Today, approximately two-thirds of the region is cultivated in row crops, of which two-
thirds is irrigated [33], often using both surface water and groundwater. Excess sediment,
nutrients, and other contaminants in agricultural runoff have transformed much of the
regional lakes and rivers into turbid, hypereutrophic ecosystems.

Figure 1. (A) Five sample sites (filled circles) established longitudinally from north (upstream) to
south (downstream) within Roundaway Lake, Coahoma County, Mississippi, USA. (B) Photograph
of Roundaway Lake site 3 showing the bald cypress (Taxodium distichum (L.) Rich.) tree line and
relative spacing of mid-lake (M), tree line (T), and shore (S) sediment samples.
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2.1. Field Sampling
2.1.1. Water Quality

Samples were collected during the spring and early summer months (April, May, and
June) of 2017 to capture peak N inputs from fertilizer application and runoff, providing an
estimate of the maximum potential flux rates. Five sites were established in the lake and
distributed evenly from upstream (north end) to downstream to assess longitudinal sedi-
ment uptake variation (Figure 1A). Physicochemical parameters, sediment cores, and core
incubation water were collected at each site.

Physicochemical parameters were collected in the middle of the lake at each site
and measured at the top, middle, and bottom of the water column to characterize po-
tential vertical variation. pH, temperature, conductivity, dissolved oxygen (DO), and
oxidation-reduction potential (ORP) were collected via a water quality multiprobe (YSI
560 multimeter, Yellow Springs Instruments, Yellow Springs, OH). As a surrogate for
suspended sediment, or mineral turbidity, depth of Secchi-disc visibility was measured
to assess water clarity. Duplicate 250 mL water samples were collected at each depth
and directly stored on ice in a cooler to assess primary producer biomass, organic matter
content, and nutrients. In the laboratory, one bottle was frozen until it was used for total
nitrogen (TN) and total phosphorus (TP) analysis. The second bottle was used for ash-free
dry mass (AFDM) and chlorophyll a (chl-a) analysis. A 50 mL sample was filtered onto
0.7 µm pore size glass fiber filters for each AFDM and chl-a. Ashed and pre-weighed filters
were used for AFDM. After filtration, AFDM filters were dried at 60 ◦C for 24 h, and then
ashed at 500 ◦C for one hour. AFDM was estimated by subtracting the ash-free weight from
the dry weight. Chlorophyll a filters were immediately frozen after filtration at −80 ◦C
until analysis. Chlorophyll a was extracted from the filters using the hot ethanol extraction
technique [34] and analyzed using the non-acidification technique [35] with a Tecan infinite
M200Pro fluorometer (Tecan Life Science, Männedorf, Switzerland).

The filtrate from the filtered samples was analyzed for nitrate (NO3
−) and soluble

reactive phosphorus (SRP). Nitrate was measured using the second-derivative ultraviolet
spectrophotometric method [36] and SRP was analyzed using the ascorbic acid colorimetric
method [37,38]. Unfiltered samples were analyzed for TN and TP using the persulfate
digestion method [39], and then analyzed for NO3

− and SRP as described above.

2.1.2. Sediment Cores

Three sediment cores were collected at each site along a gradient of depth and dis-
tances from shore to measure sediment nutrient flux. Transects alternated between the
east and west shores for adjacent sites. One core was taken in the middle of the lake at the
deepest point, one core was taken along the bald cypress (Taxodium distichum (L.) Rich.)
trees lining the edges of the lake (closest to mid-lake), and a third core was taken near the
shore (Figure 1B). Cores were collected near bald cypress trees as sediment organic matter
content may be higher than mid-lake sediment due to tree debris input, senesced leaf litter,
and/or trapping of organic matter from fields by tree roots. Water depth and distance to
shore was recorded for each core. Cores were collected with a hand corer within a clear
acrylic tube that measured 30.48 cm long and 7.62 cm in diameter. Fifteen sediment cores
were collected at each sampling event. Cores were placed on ice in a cooler in the field
for transport to the laboratory for incubations. Water for core incubations was collected
from the middle of the lake at each site to incubate them in water near where they were
collected. Site incubation water consisted of a 26.5 L integrated water sample using a
Kemmerer sampler to collect water from the surface, middle, and bottom of the water
column. Water was filtered on site through a 1 µm pore size canister filter to remove large
particles and sediment.

2.2. Sediment Core Incubations

Laboratory sediment core incubations took place over 48 h, starting immediately upon
arrival at Tennessee Technological University (TTU), Cookeville, TN, USA. Incubations
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were conducted in 0.53 m3 tanks filled with water maintained at the average lake tempera-
ture during sampling. Each core was sealed with a 3D printed plastic core top that was
outfitted with inflow (1.0 mm tubing) and outflow (1.25 mm tubing) ports, and a cone-
shaped underside to reduce the buildup of air bubbles during incubation. The incubation
setup was adapted from Nifong et al. [40] using the same core and pump components
(Figure S2). The incubation water was also maintained at the ambient lake temperature
and aerated. Bubblers were removed 15 min prior to core outflow sample collection and
peristaltic pumps continuously pumped water over the top of the cores at 2 mL per minute.
The flow rate produced a water residence time above the sediment of approximately six
hours. In addition to the sediment cores, one control core containing only incubation water
was analyzed per site to account for nutrient changes in the water column.

Core outflow sampling began after a 36-hour acclimation period. One 15 mL water
sample was filtered and collected from each core outflow and inflow source and frozen.
These samples were analyzed for NO3

− and SRP using the methods stated previously.
Nutrient flux rates determined from nutrient concentrations were measured for each core
outflow and inflow source, and were calculated using the following equation from Spier
et al. [41]:

Aerial Flux = (([Core]out − [Core]in) × Qcore) − (([Ctrl]out − [Ctrl]in) × Qctrl)
A (1)

where [Core]out and [Core]in are the sediment core outflows and inflows of NO3
− and

SRP concentrations (mg/L). [Ctrl]out and [Ctrl]in are from the control, sediment-free core.
Qcore and Qctrl are the measured flow rates of the inflow water sources through each core
(L/h), and A is the core surface area (m2). This equation yields an aerial flux estimation for
nutrient concentrations for each individual core. A positive flux indicates a net gain in the
water, or release of NO3

− or SRP from sediments, whereas a negative flux suggests a net
loss from the water, or removal of NO3

− or SRP into core sediments.
Once incubations were completed, cores were processed for sediment organic matter

(AFDM) and algal chl-a content. April sediment chl-a was not measured. The top 5 cm
of sediment from each core was removed and collected in a beaker. Deionized water was
added to bring the slurry to 500 mL and the sediment and water was homogenized with a
hand blender. Two subsamples were collected from each core: a 25 mL sample for AFDM,
and a 20 mL sample for chl-a analysis. The AFDM sample was poured into pre-weighed
aluminum tins and AFDM determined as previously described. Chlorophyll a samples
were filtered onto 125 mm diameter glass fiber filters and frozen at −80 ◦C until analysis.
Samples were analyzed as described above.

2.3. Temperature Experiment

Water temperature is often associated with ecosystem metabolism rates and varies
consistently within and across the spring to summer in Delta lakes (e.g., Figure S3, Round-
away Lake; R. Lizotte, USDA ARS, unpublished data). Therefore, an additional incubation
experiment was conducted in October 2017 to investigate the effect of temperature on
sediment nutrient retention. Sediment denitrification and O2 demand were also measured
to further assess nitrogen removal pathways. Twenty-seven sediment cores were collected
at the same depth (1.25 m) within five meters of site 3 and placed on ice. Approximately
950 L of lake water was collected from site 3 for core flow-through incubations.

In the TTU laboratory, sediment cores were divided into one of three tanks of different
temperature, 10 ◦C, 20 ◦C (ambient lake temperature), and 30 ◦C, which span the typical
range of water temperatures in the lake (Figure S3). Nine sediment cores and 3 control cores
were added to each tank. All cores were incubated for at least 48 h prior to the start of the
experiment to allow microbiota to adjust to the new temperature [42,43]. During this time,
lake water maintained at the treatment temperature was continuously pumped through
the cores as described above. Treatment water was aerated to provide a similar starting
DO concentration, and background nitrate concentrations were increased by 2 mg/L to
ensure nitrate availability was not limiting nitrogen uptake or denitrification [41].
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Samples from cores were collected 24 h after the start of the incubation. Nitrate and
SRP samples were collected as described previously. Duplicate samples for O2 and N2 gas
were collected in 12 mL exetainer vials. Vials were filled from the bottom and allowed to
overflow to at least 36 mL to ensure minimal atmospheric contact, immediately preserved
with 156 µL of zinc chloride, and capped. Exetainers were refrigerated upside down,
submerged in water and shipped to the USDA-ARS National Sedimentation Laboratory in
Oxford, MS, USA for analysis. Samples were measured for dissolved N2, O2, and Argon
(Ar) concentrations using a membrane inlet mass spectrometer (MIMS). N2 fluxes from
core sediments were determined from changes in N2:Ar ratios to estimate denitrification
rates [44]. All incubations were conducted in the dark to prevent photosynthesis and asso-
ciated production of O2 bubbles, which may confound dissolved N2 gas measurements in
closed-core systems [44]. Sediment N2 and O2 flux rates were calculated using Equation (1).
Following incubations, cores were processed for AFDM and chl-a as described previously.

2.4. Data Analysis

Principal component analysis (PCA) was used to visualize differences in water quality
among sites and months. A three-way analysis of variance (ANOVA) was used to test for
differences in ambient NO3

− and SRP sediment uptake rates among longitudinal position
(site), depth habitat (mid-lake, bald cypress tree line, shore) and month. The model also
included interactions between month/site, and month/habitat to assess whether spatial
relationships changed over time. A Tukey post hoc test was used to determine pairwise
differences in significant variables. The PCA and ANOVAs were performed using JMP
10.0 software (SAS Institute Inc., Cary, NC, USA).

A general linear mixed model approach with Akaike information criterion corrected
for small sample size (AICc) model selection was used to assess relationships among
sediment nutrient flux and environmental variables including water quality parameters
(Table S1), water depth above core, core distance to shore, and month, with site treated as a
random effect. The average value of variables collected at the surface, mid, and bottom
of the lake were used in the model. Only models that retained a wi (AICc weight) value
greater than 0.1 (at least a 10% likelihood of being the best approximating model) are
reported. The relative importance of each variable in predicting nutrient retention was
calculated by summing the wis of each model that retained the given variable. Following
model selection, a final model was run using only the variables in the highest-ranked model,
and restricted maximum likelihood (REML) parameter estimation was used instead of
maximum likelihood (ML). The marginal and conditional R2 values for each mixed model
was calculated [45]. The marginal R2 values refer to the fixed effects, and the conditional R2

is referring to the fixed effects plus the random effects. Regression models were conducted
in R version 4.0.2 [46], using the nlme package [47] and the MuMIn package [48] was used
for AIC model selection.

Non-parametric Kruskal–Wallis tests were used to test for differences in sediment nu-
trient flux, sediment O2 demand, and denitrification rates among temperature treatments in
the October experiment because data did not meet ANOVA assumptions. Multiple compar-
ison Dunn’s tests were performed following significant Kruskal–Wallis tests to determine
which temperature treatments differed. These tests were performed using the FSA package
in R [49]. All test results were considered significant at α = 0.05 level.

3. Results
3.1. Depth and Water Quality Variability

Lake depth was stable during the study with a maximum depth of 1.4 m in April and
1.2 m in June (at site 3), resulting in individual sites varying only an average of 20 cm across
the three months. Cores were collected from depths ranging from 0.3 to 1.4 m; with a mean
core depth of 0.53 m for shallow cores, 0.92 m for bald cypress tree edge cores, and 1.09 m
for mid-lake cores.
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Water quality differed more among months than among sites, with variation among
sites greatest in early spring (April), and sites became most similar in June (Figure 2).
The water column became more well mixed from April to June, and was consistently
more stratified upstream than downstream (Table S1). Even when stratification was found,
differences between surface and bottom water values were not largely different for most
parameters, including DO (Table S1).

Figure 2. Water quality differences among sampling months (April, May, June) in Roundaway Lake,
MS. Circles represent sites and colors represent months, with closer sites being more similar in water
quality. Arrows denote the variable loadings and strengths (arrow length) relative to each principal
component. The principal component analysis shows water quality segregated more by month than
by location in the lake, and differences are driven mainly by temperature, nutrients, water clarity,
dissolved oxygen (DO), and suspended organic matter (ash-free dry mass, AFDM).

Water quality was indicative of a eutrophic lake across the sampling period. Early spring
(April) lake water was clearer (i.e., average Secchi depth = 7 cm), and had higher SRP, con-
ductivity, and phytoplankton biomass. Water became slightly more turbid and had more
organic matter in May (mean Secchi depth = 6 cm), but also had higher DO concentrations.
TN was highest in May (2693 µg/L) and lowest in June (2040 µg/L). April had the highest
mean TP concentration (667 µg/L) and June had the lowest (505 µg/L). Mean dissolved
nitrate was highest in May (1573 µg/L) and lowest in June (675 µg/L). Mean SRP was
highest in April (159 µg/L), but dropped considerably in May (77 µg/L) and even further
in June (63 µg/L). Water temperature increased from 20 to 21 ◦C in April to > 26 ◦C in June.
Mean pH was the lowest in April at 7.3 and the highest in June at 7.8. Dissolved oxygen
concentrations ranged from a mean of 4.9 mg/L in April to a high of 5.7 mg/L in May.
However, these measurements were collected within the first few hours following sunrise
and represent the lower range of diel DO swings. Mean water column chl-a concentrations
were consistently low with mean values across sites at 10, 11, and 9 µg/L for April, May,
and June, respectively. Mean water AFDM concentrations were the highest in May (0.36
g/L) and the lower in April (0.15 g/L) and June (0.17 g/L).
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3.2. Nutrient Flux Rates
3.2.1. Spatial Variation in Sediment Flux Rates

Sediment core nutrient flux in Roundaway Lake differed over space and time, with
some areas removing NO3

− and SRP (negative flux rates from the water) and some areas
releasing it (positive flux rates into the water) during the same sampling period. There was
a significant month by site interaction for both NO3

− (p < 0.001) and SRP (p < 0.001) fluxes
that did not allow a robust assessment of differences among sites (Table 1). However, there
were discernable spatial and temporal trends in the data. Across all months and depth
habitats, average NO3

− flux into the sediments was greatest at mid-lake, site 3, switching to
an average release from sediments in both upstream and downstream directions (Figure 3A,
Table S2). SRP was generally moving into the sediments at the upstream sites with gradual
shift to sediments releasing SRP with distance downstream (Figure 3B). However, because
95% confidence interval included zero, it is not clear that any site was consistently retaining
or releasing nutrients throughout the study, and uptake had considerable variation from
month to month in the spring. Ambient NO3

− and SRP flux rates were substantially
more variable in April, both within and among sites (Figure 4). During April, sediments
released NO3

− at the most upstream and downstream locations but removed NO3
− at

the mid-lake site. The most extreme NO3
− flux rates were recorded in April, where rates

ranged from −25.5 mg/m2/h at site 3, to 22.9 mg/m2/h at site 5, with an average flux rate
of 5.5 mg/m2/h from sediments across all sites. Nitrate flux rates became similar across
sites in May and June, with no distinct longitudinal trends. May flux rates ranged from
−3.7 to 8.7 mg/m2/h with a mean of 1.6 mg/m2/h leaving sediments, and June rates
ranged from −7.6 to 5.0 mg/m2/h with an average rate of −1.8 mg/m2/h, going into
sediments (Figure 4A). Sediment NO3

− flux rates did not differ significantly among depth
habitats (Table 1).

Table 1. Spatial assessment of sediment nitrate and soluble reactive phosphorus (SRP)h uptake rates
comparing sites, depth habitat (mid-lake, bald cypress (Taxodium distichum (L.) Rich.) tree edge,
shore), and month. Significant p-values are in italics.

Nitrate Flux

Variation df
Type II
Sums of
Squares

Mean
Square F Statistic p

Site 4 496.8 124.2 8.15 <0.001
Habitat 2 68.4 34.2 2.24 0.130
Month 2 744.4 372.2 24.41 <0.001

Site ×Month 8 1128.9 141.1 9.26 <0.001
Habitat ×

Month 4 28.3 7.1 0.46 0.761

Residuals 21 335.4 15.2

SRP Flux

Variation df
Type II
Sums of
Squares

Mean
Square F Statistic p

Site 4 25.8 6.45 3.61 0.019
Habitat 2 0.1 0.05 0.03 0.973
Month 2 16.1 3.07 1.76 0.201

Site ×Month 8 40.3 5.04 2.82 0.024
Habitat ×

Month 4 3.4 0.86 0.48 0.751

Residuals 21 42.9 1.79
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Figure 3. Sediment core (A) nitrate and (B) soluble reactive phosphate (SRP) flux rates by site for all
months and depth habitats combined at each site. Negative values indicate a movement of nitrate
or SRP from the water to the sediments and positive values indicate nitrate or SRP release from the
sediments into the water. Bars are the means across depths and months, and error bars are 95%
confidence intervals.

Sediment SRP flux rates also had the most spatial variation in April, and a general
trend of releasing more P into the water from upstream to downstream (Figure 4B). Sedi-
ments generally released P in April and retained P in May and June. April SRP flux rates
ranged from −3.5 to 3.3 mg/m2/h with a mean of 0.3 mg/m2/h, May flux rates ranged
from −3.7 to 1.3 mg/m2/h with a mean of −0.5 mg/m2/h in May, and June rates ranged
from −1.9 to 1.4 mg/m2/h with a mean of −0.3 mg/m2/h. SRP flux rates did not differ
among depth habitats (Table 1).



Water 2021, 13, 1344 10 of 18

Figure 4. Sediment core (A) nitrate and (B) soluble reactive phosphate (SRP) flux rates by site across months in Roundaway
Lake, MS. Points are coded by depth habitat (mid-lake, green circles; edge of bald cypress (Taxodium distichum (L.) Rich.)
trees, red circles; or near shore, blue circles). Negative values indicate a movement of nitrate or SRP from the water to the
sediments and positive values indicate a nitrate or SRP release from the sediments into the water.

3.2.2. Water Quality and Sediment Nutrient Flux Rates

Specific water quality relationships with sediment NO3
− and SRP flux rates were

further investigated using linear mixed model regression. An integrated measure of
water quality was used in the model, taking the average of the top, mid, and bottom
measurements (Table S1). This integrated approach produced a stronger correlation
(higher marginal and conditional R2 values) to sediment nutrient uptake than using mea-
surements taken near the sediment.

Sediment NO3
− flux was better correlated to water quality than SRP flux (Table 2).

The most parsimonious linear mixed model for predicting NO3
− flux rates into sediments

(i.e., negative core flux rates) included decreasing Secchi depth, increasing temperature,
month, decreasing DO, and decreasing TN (marginal R2 = 0.57, conditional R2 = 0.82,
Table 2). Secchi depth, month and temperature were included in all models (relative
importance = 1.00, Table 3), while core depth and distance to shore each had low relative
importance (<0.20). The top-ranked model for SRP sediment flux included deceasing
sediment AFDM, TP, and Secchi depth, and increasing temperature (marginal R2 = 0.38
and conditional R2 = 0.38, Table 2). Sediment AFDM, TP, and Secchi depth had the highest
relative importance values at 0.77, 0.77, and 0.59, respectively, with temperature (0.44)
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and month (0.42) also included in a large number of higher-ranked models (Tables 2 and
3). The low relative importance value of core depth and distance from shore, and equal
marginal and conditional R2, suggests that core location in Roundaway Lake did not
strongly influence SRP uptake.

Table 2. Linear mixed model regression results of nitrate and soluble reactive phosphorus (SRP) flux
rates vs. integrated water chemistry in Roundaway Lake, MS.

Model Parameters AICc ∆i wi K R2

Marginal
R2 Con-
ditional

Core
Nitrate

Flux

DO, Month, Temp,
TN, TP, Secchi 297.1 0 0.313 10 0.57 0.82

DO, Month, PO4,
Secchi, Temp, TN 297.9 0.79 0.211 10 0.53 0.84

AFDM (water), DO,
Month, Secchi, Temp,

TN
297.9 0.82 0.208 10 0.55 0.85

Core SRP
Flux

AFDM (sediment),
DO, Secchi, Temp,

TP
168.0 0 0.103 8 0.38 0.38

Table 3. Relative importance of each model parameter on sediment nitrate and soluble reactive
phosphorus flux rates. These values are the cumulative Akaike information criterion for small sample
size (AICc) weights for each variable. Parameters that increase with increasing sediment nutrient
uptake (negative flux rates) are in italics.

Model Parameter Sediment Nitrate Sediment SRP

Month 1.00 0.42
Distance to Shore 0.19 0.17

Nitrate 0.18 0.28
Phosphate 0.35 0.27

Total Nitrogen 0.86 0.30
Total Phosphorus 0.37 0.77

Water Depth 0.20 0.18
Temperature 1.00 0.44

Dissolved Oxygen 0.95 0.27
Secchi Depth 1.00 0.59

pH 0.24 0.39
Sediment AFDM 0.14 0.77

Water AFDM 0.33 0.24

3.3. Temperature Experiment

Nitrate flux was low across all temperatures and was not significantly different among
treatments (chi-squared = 0.78, df = 2, p = 0.676). There was not a definitive NO3

− flux into
or out of sediments at any temperature, as 95% CI overlap zero (Figure 5, Table S3). Overall,
flux rates into the sediments were approximately an order of magnitude greater than in
the spring. Temperature significantly affected SRP (chi-squared = 14.64, df = 2, p < 0.001)
flux rates. SRP flux rates into sediments were highest at the ambient lake temperature
(20 ◦C) and decreased at both lower (by an average of 0.25 mg/m2/h, 36%) and higher
(by an average of 0.57 mg/m2/h, 81%) temperatures. Denitrification rates (N2 flux from
the sediments) were consistently greater with increasing temperature (chi-squared = 20.43,
df = 2, p < 0.001). Rates were not different from 0 mg/m2/h at 10 ◦C, but increased by
an average of 4.4 mg/m2/h (217%) from 20 to 30 ◦C. Sediment O2 demand (negative O2
flux into sediments) also varied across temperatures (chi-squared = 12.54, df = 2, p = 0.002,
Figure 4). O2 demand did not change when the temperature was increased to 30 ◦C, but
decreased by 50.7 mg/m2/h (66%) when the temperature was lowered by 10 ◦C.



Water 2021, 13, 1344 12 of 18

Figure 5. Nutrient flux vs. water temperature for nitrate (Nitrate flux, mg/m2/h), soluble reactive
phosphorus (SRP flux, mg/m2/h), denitrification (mg/m2/h), and sediment oxygen demand (SOD,
mg/m2/h) in sediments from Roundaway Lake, MS. Negative nitrate and SRP fluxes indicate
nutrient uptake by sediments. Bars are the means and error bars are 95% CIs. Different letters
indicate temperature treatments that are significantly different.

4. Discussion
4.1. Sediment Flux Trends

Water quality had a stronger influence on sediment nutrient flux than did water
depth above the sediment during this study despite the persistently high turbidity and
nutrient conditions. We hypothesized that sediment nutrient flux would increase over
the spring as waters warmed and nutrient concentrations remained near saturating levels.
Overall, sediments trended from a net release of NO3

− and SRP in April towards a net
uptake in June, but this temporal trend varied by site, with the mid-lake site being the
most consistent. At any given time, the lake was both releasing and removing nutrients at
different locations. Whether there was a net uptake or net release of nutrients depended
more on the overlying water quality, rather than water depth above the sediment. Although
water quality was indicative of a turbid, eutrophic system, spatial and temporal variations
in the overlying water were enough to influence sediment nutrient uptake. Flux rates
were well correlated with water clarity, nutrient content, and water temperature, all of
which are highly influenced by spring runoff in the region [50]. Isolating the effect of water
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temperature found that it was an important driver of both N and P cycling, but it was only
one of several significant variables regulating sediment nutrient removal.

We also hypothesized that sediment NO3
− uptake would be higher in deeper water,

and SRP uptake would be higher in shallower water. This hypothesis was based on predic-
tions from previous studies that O2 availability would be lower in deeper water sediments
where light and primary production is excluded, as low redox potential can increase NO3

−

loss through denitrification and increase SRP release from bound sediments [18,29,51].
We found no differences in sediment nutrient flux based on water depth, and similar flux
rates were observed from shore to mid-lake. O2 concentrations in the bottom of the water
column varied less than 3 mg/L across all depths and months, and there was no correlation
between depth and O2.

The maximum spring NO3
− uptake rates in Roundaway Lake were within the range

of typical rates in U.S. agricultural aquatic ecosystems, e.g., ~110 mg/m2/h in midwestern
streams [52], and 1.8 to 5.8 mg/m2/h in wetlands [53]. However, rates were lower than soils
taken from regional agricultural drainage ditches, which reached up to 50 mg/m2/h [43].
However, May and June uptake rates were similar to the lower end of this range. It was
predicted that significant nutrient consumption could occur in Roundaway Lake due to long
water residence times and increased time for biological uptake [54], but changes in water
quality were likely more frequent than lake water residence time. This paired water quality
and quantity change makes portioning out the influence of residence time difficult. In a
sediment core study from Mississippi Delta agricultural ditches, nitrate uptake saturation
occurred at 8 mg/L NO3

−; however, these cores were highly vegetated unlike the bare
sediments of Roundaway Lake. Measured NO3

− in this study did not exceed 1.8 mg/L,
thus net uptake of nitrate in Roundaway Lake was expected. Maximum SRP uptake
rates in this study (4.0 mg/m2/h) matched maximum rates reported by Hill [55] from
natural baseflow conditions in agricultural streams (3.2 mg/m2/h), and were marginally
higher than maximum SRP rates reported by Munn and Meyer [56] in a forested stream
(1.3 mg/m2/h).

4.2. Water Quality and Sediment Nutrient Flux

Despite relatively stable water quality over the three sampling months, water quality
was well correlated to NO3

− sediment flux and moderately correlated to SRP sediment
flux. These relationships suggest that small changes in water chemistry can impact nu-
trient uptake in heavily impacted shallow lakes. Spring water conditions in Roundaway
Lake, as well as most surface waters in the region, are characterized by high suspended
sediment and nutrient concentrations, and low DO, as lakes are surrounded by row crop
agricultural fields, and water quality in spring is dictated by runoff [50,57]. Water condi-
tions during this study followed this pattern with Secchi depth ranging from only 5 cm
to 7 cm, TN and TP ranging from 1.95 to 2.85 mg/L, and 0.46 to 0.74 mg/L, respectively.
Dissolved oxygen (1.6 mg/L range) and water temperature (6 ◦C range) were also relatively
consistent

Sediment nutrient flux was better correlated to water column TN and TP, than to NO3
−

and SRP. Total nutrients can be a better indicator of nutrient availability than dissolved N
and P due to potentially high remineralization rates [58], and a stronger total vs. dissolved
nutrient relationship has been observed in stream algae [59]. However, this relationship
has not previously been reported for heterotrophic microorganism uptake. The negative
TN and TP correlation to greater NO3

− and SRP uptake in Roundaway Lake suggests
that sediment uptake rates were exceeding remineralization rates over the few hours of
core incubations, resulting in a net removal of N and P from the water column over time.
This is supported at a whole-lake scale by the lower water TN and TP from April to June.
On average NO3

− was 49% of TN and SRP was 16% of TP, suggesting that there was a large
storage of N and P available for continued remineralization. Total N and TP concentrations
were always relatively high in this study, which may be related to relatively low nitrate
uptake velocity into sediments that can occur in agricultural aquatic ecosystems [60].
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However, NO3
− saturation of N uptake in Mississippi Delta sediments can be high and

exceed 8 mg/L [41]. Thus, although both NO3
− and TN were high, they are still not likely

saturating heterotrophic microbial N uptake in Roundaway Lake.
In addition to nutrients, increasing water temperature, lower Secchi depth, and

lower DO were strongly correlated to NO3
− flux. Water temperature is directly related

to metabolic activity and many studies have linked increasing temperature with nutri-
ent uptake [61,62]. Lower light, and thus lower O2 production by primary producers
leads to an environment more favorable to denitrification, suggesting that NO3

− trans-
formation into N2 gas could be an important pathway in these sediments. The fall tem-
perature experiment supported increasing denitrification rates and greater sediment O2
demand with higher temperatures. However, NO3

− flux rates into the sediments were low
across all temperature treatments and NO3

− removal did not increase with lower O2 or
higher temperatures. This disconnect could potentially be caused by increased coupled
nitrification-denitrification [63], resulting in a short NO3

− residence time, or other N2
production pathways such as anaerobic ammonia oxidation (anammox). For example, Lotti
et al. [64] found that anammox bacteria activity increased by ~50% from 20 to 30 ◦C, and by
~80% from 10 to 30 ◦C in batch culture. This pathway can also be stimulated by increased
ammonia, which can be released from lake sediments at higher temperatures, with the
same higher temperatures and low DO environments increasing the potential for release of
P [65]. SRP uptake was greatest at ambient temperature but decreased at 30 ◦C. McDowell
et al. [66] found a similar decrease in P uptake in agricultural stream sediments, which
they found was caused by lower microbial uptake. Sediment microbial uptake is likely an
important pathway of P removal in eutrophic lake sediments [67]. Additionally, the strong
redox gradients at the water–sediment interface and potentially high iron and sulfate
found in Delta soils [68] suggests that other microbial-mediated P release pathways may
be occurring. For example, cable bacteria and Beggiatoacaea bacteria are known mediators
of P release from sediments through the enhanced formation of iron and sulfur oxides [69].

4.3. Water Depth, Spatial Location, and Sediment Nutrient Flux

Lake depth only varied by 1.4 m during the study period, so a robust assessment
at a single location was not possible. Nevertheless, sediment nutrient flux did not differ
significantly among cores collected from different depths, i.e., shore to mid-lake (1.1 m
range). Sediment P flux was highly corelated to sediment AFDM in Roundaway Lake,
and AFDM was on average 23% greater in the mid-lake vs. near shore cores. This could
be indirectly due to both greater water depths above mid-lake cores and the relatively
high sedimentation rate, ~2 cm/y, which deposits both sediment and organic matter [70].
This suggests that organic matter deposition from the water column may exceed that related
to cypress trees. This organic matter could be driving O2 demand with the sediments and
contributing to nutrient flux rates [71].

High turbidity may also indirectly contribute to sediment nutrient flux. Spears et al. [68]
found that more TP was released from sediments in a eutrophic shallow lake in the absence
of light, but there was no effect of light on TN release. Benthic algae can create oxic layers
above the sediment that can reduce P flux into the water [72]. In Roundaway Lake, light was
attenuated before reaching the bottom in almost every core location, and although benthic
chlorophyll was measured on sediments, previous studies in area lakes [73], and an absence of
light at the sediment, suggest that this chlorophyll is from settled phytoplankton rather than
growing benthic algae. Thus, heterotrophs likely dominated the active microbial communities.
Spatial variation in uptake was dominated by an upstream to downstream gradient rather than
shore to mid-lake, and variability among sites was much greater than among depths at each
site. Therefore, sediment fluxes were paired with the changes in water quality as water slowly
flowed through the lake, although N and P flux had different spatial patterns. Phosphorus was
removed close to the water source, whereas N was transported further downstream before
maximum removal rates occurred.
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4.4. Season as A Controlling Variable

The time of year and seasonality can have varying effects on nutrient fluxes. For ex-
ample, Jin et al. [31] observed seasonal changes in sediment P cycling, but Shaughnessey
et al. [18] did not observe seasonal influences on sediment N fluxes. The relationship
between nutrient removal and temperature has long been established due to increased
biologic activity at warmer temperatures, which, in turn, increases total nutrient retention,
specifically through denitrification [65,66]. Biological N removal can be most efficient
between 20 and 25 ◦C in wetlands [74], which are similar to water temperatures observed
in this study. Given that the greatest nutrient uptake rates were observed in June, it appears
sediment microbial communities associated with N processing pathways may be well
adapted to warmer conditions. The month sampled was included as an important factor
in sediment uptake models, and there was a visible trend of increasing sediment nutrient
uptake from April to June. However, flux rates were only marginally significant based
solely on month, suggesting that direct seasonal influences are only part of the suite of
regulating variables. The results of this study are best applied to the spring/early sum-
mer timeframe when field runoff, and accompanying nutrients and suspended sediment,
are high. This is typical for agriculturally influenced watersheds in the region, and is
when a large percentage of yearly nutrient loads are delivered [50,68]. Therefore, although
nutrient loading may be highest in early spring, sediments are likely only removing a
marginal amount of this load during spring.

5. Conclusions

Reducing and/or slowing agricultural pollutant movement through watersheds are
essential to improving both local and downstream ecosystems. This study demonstrated
that nutrient retention in shallow lake sediments can be complex in agricultural landscapes.
Increasing spring and early summer water column temperature coupled with increasing
suspended sediment (decreasing water clarity) increased benthic sediment nutrient re-
tention. This finding highlights the tradeoff of implementing agricultural conservation
practices to control upland erosion. Our results indicated a potential negative feedback
loop with decreasing sedimentation, and lower water temperature in shallow lake systems
in the Lower Mississippi alluvial plain. However, best management practices that reduce
sediments also reduce nutrient inputs, so any increase in sediment nutrient reduction rates
due to more turbid, warmer water is likely more than offset by lower initial water nutrient
concentrations. Since this work was limited to the spring runoff season, these relationships
may not be directly scalable to seasons when nutrient and sediment concentrations de-
crease. However, as more of the watershed is put into production to meet growing food
demands, lakes in this region, and worldwide, are predicted to receive more sediment
and nutrient runoff. Thus, many lakes in heavily agricultural watersheds may be shifting
toward a longer-lasting turbid, eutrophic state. This work suggests that small changes
in water quality can increase sediment nutrient uptake, even in turbid eutrophic waters.
Because the region has numerous shallow riverine lake systems, widespread adoption of
conservation practices to control upland erosion may expand the role of upland lakes as
nutrient sinks to help mitigate nutrient export to the Gulf of Mexico.

Supplementary Materials: The following are available online at https://www.mdpi.com/article/
10.3390/w13101344/s1, Figure S1: Bathymetry of Roundaway Lake: the x axis is west longitude
and the y axis is north latitude; color legend depicts watershed elevation in meters above mean sea
level; and black and white legend depicts distance in meters, Figure S2: Flow-through sediment
core incubation setup used in this study. Cores and source water were maintained at ambient lake
temperature using controlled-temperature water bath tanks, Figure S3: Monthly water temperature
and dissolved oxygen at the bottom of water column. for Roundaway Lake at site 3, Table S1: Water
quality parameters by month, depth, and site, Table S2: Nutrient and gas flux rates for the field
collected cores, Table S3: Nutrient and gas flux rates for the laboratory temperature experiment.
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