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Abstract:

 This paper reviews the patterns observed in the diversity and structure of the macrofauna benthic community under the influence of fish farming. First, we explain the effects of organic enrichment on the sediment and the consequences for the inhabiting communities. We describe the diversity trends in spatial and temporal gradients affected by fish farming and compare them with those described by the Pearson and Rosenberg model. We found that in general terms, the trends of diversity and other community parameters followed the Pearson and Rosenberg model but they can vary to some extent due to sediment local characteristics or to secondary disturbances. We also show the different mechanisms by which wild fish can affect macrofauna diversity patterns under fish farming influence. In addition, we comment the importance of the macrofauna diversity in the ecosystem functions and propose some guidelines to measure functional diversity related to relevant processes at ecosystem level. We propose more research efforts in the main topics commented in this review to improve management strategies to guarantee a good status of the diversity and ecosystem functioning of sediments influenced by fish farming.
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1. Introduction

Marine fish farming has experienced an almost exponential growth over recent decades and, worldwide, is the fastest growing food production system [1]. Very soon, fish consumed from fish farming is expected to match the fish consumed from fisheries. For a correct environmental management, it is important to have a good knowledge about the processes that regulate the effects of the aquaculture residues on the ecosystem.

The greatest source of wastes in aquaculture is the organic matter (OM) that comes from the feeding of cultured fish [2]. This OM is relatively rich in organic carbon and nutrients such as nitrogen and phosphorus [3] and is released in two forms, particulate and dissolved. Particulate wastes come from uneaten feed and fish feces, while dissolved wastes come from fish feces and excretions derived from fish metabolism, such as urea [4-6]. The impact fish farming has, is usually more obvious in the benthos than in the water column, where particulate wastes tends to accumulate in the proximity of fish farm leases [5,7,8]. Hence, the deposition rates of particulate OM below the fish cages can be considerably higher than the background levels [9-12].

The accumulation of OM on the surface of the sediment enhances sediment metabolism, and so does the sediment oxygen uptake, since oxygen is the electron acceptor which aerobic bacteria uses for respiration [13]. Oxygen concentration in the sediment porewater is limited and depends largely on the exchange rate with water from the sediment surface, which has higher oxygen content. In the porewater, if the oxygen supply is less than the consumption of oxygen, oxygen levels decrease resulting in hypoxia or even anoxia. This produces profound changes in the sediment metabolism. Since aerobic bacteria can no longer mineralize the OM, this, in turn, becomes mineralized by anaerobic bacteria [14]. Anaerobic bacteria have a less efficient metabolism and use other electron acceptors for respiration, and therefore, OM tends to accumulate in the seabed at even higher rates.

Of the different types of anaerobic metabolic pathways, sulfate reduction is the most important in conditions of organic enrichment [15,16]. Sulfate reduction uses sulphate as the electron acceptor and produces sulfides as a by-product. Sulfides can be dissolved in the pore water and have detrimental consequences for the organisms inhabiting the sediment. Sulfate is a compound abundant in sea water and so it is very unlikely to be depleted. However, if the metabolic rate is very high, the sulfate can be exhausted leading to methanogenesis. This anaerobic metabolic pathway produces a by-product, which is also toxic, methane (for a more detailed description see [17,18]).

Although OM is considered the most important source of pollution derived from fish farming, other pollutants may also have adverse effects on the benthic communities, such as metals, mainly Cu, Zn and Cd [19,20], as well, as chemotherapeutic substances [21]. These contaminants may have interactive effects [22], and can also produce changes in diversity and structure of benthic communities.

Among the benthic communities, the macrofauna is the community that includes the animals that are retained in a sieve of 0.5 mm. The main taxa that comprise the macrofauna are the phyla: Arthropoda (mainly crustaceans of the malacostraca group), Mollusca (mainly bivalves and gastropods) and Annelida (mainly polychaetes). Macrofauna has been widely used to assess different types of pollution [23], including impacts on the benthos associated with aquaculture [8,24,25]. This is because macrofauna has several features that make it reliable for this task: (a) usually show a considerably high diversity at species level [26]; (b) despite macrofauna species have life cycles with variable time spans, these are relatively short, compared to other communities such as seagrasses or vertebrates, which in turn, gives the community a rapid response capacity to new conditions; (c) different macrofauna species have different levels of tolerance and different biology (regarding to feeding habits, habitat type, etc.); and (d) despite larval dispersion, they have a reduced mobility compared with other groups of species such as fish, and so, they tend to remain on the site after the impact has occurred [27].

Besides the role of the macrofauna as a sentinel community of antropogenic impacts, macrofauna plays a major role in ecosystem functions such as OM mineralization and nutrient recycling [28]. These tasks are carried out primarily by the bacteria inhabiting the seabed, but macrofauna enhances them through active biological transport, i.e. bioturbation (active mixing of sediment) and bioirrigation (active flushing of solutes). These processes produce an increase in the supply of oxygen and other electron acceptors of the seabed surface with the porewater. This increases the metabolic capacity of bacteria and, in turn, of the sediment, to mineralize OM [29,30] and recycle nutrients [31] (Figure 1).

Figure 1. Effect of active biological transport on the sediment promoting oxic and suboxic metabolism, as well as sulfate reduction. Modified from Meysman et al. [32].
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The macrofauna also mineralizes OM directly, through consumption of OM. This process may account for up to 15% of the total sediment respiration [33]. Following this reasoning, the macrofauna population can grow as the availability of OM increases to a certain threshold. A larger population of macrofauna will consume more OM and limit the likelihood that OM accumulates in the sediment.

As for the recycling of nutrients, OM degradation in the sediment releases inorganic nutrients to the water column [34], which become available to primary producers [35]. Through denitrification (the microbial reduction of nitrate to dinitrogen gas) nitrogen can be removed from the system permanently. Thus, denitrification is of major importance for the nitrogen cycle and nutrient balance in coastal systems, being one of the few processes capable of counteracting eutrophication [36,37]. Denitrification shows the highest rates where there is an oxic/anoxic interface within the sediment, an environment which is enhanced by macrofauna through active biological transport [38,39]. Active biological transport decreased activity, associated with reduced conditions of sediments due to organic enrichment, disrupts denitrification [40], which can unbalance the nutrient cycle and promote eutrophication [41].

The macrofauna also plays a key role in the sulfur cycle. In the porewater, macrofauna favors the oxidation of toxic by-products of anaerobic metabolism, mainly dissolved sulfides, hampering their toxicity [33]. While in the sediment, Fe-S compounds derived from sulfide reduction and then bound to iron are also oxidized. This process helps to release Fe, recharging the sulfide buffering capacity of the sediment [42].

Traditionally, the macrofauna has been characterized from a univariate perspective, using metrics such as abundance, biomass and diversity. As for diversity, the most intuitive and simple measure is the species richness. Other measures of diversity take into account not only the number of species but also the structure/evenness within the species. Some of the most commonly used indices include Shannon-Wiener (H′), Margalef, Pielou, Simpson, Hurlbert's E (Sn), etc. These measurements are widely used in describing the community structure as well as the environmental assessment [43].

The spatial and temporal patterns of macrofauna diversity under conditions of organic enrichment has been widely documented in the Pearson and Rosenberg model ([44]; P-R model), a seminal and still highly relevant definition of spatial organic enrichment gradient. This successional model describes a reversible continuum of faunal change from an un-perturbed species rich community to a perturbed species poor one [45]. The P-R model defines four stages of benthic succession: normal, transitory, polluted and grossly polluted, dependent on the level of organic enrichment in the sediment. The P-R model describes a gradient where the species diversity decreases with increasing inputs of OM, reaching a point where the fauna is completely depleted (the grossly polluted stage). Along this gradient, there is a simplification of the trophic structure (which become dominated by deposit feeders) and the active biological transport activity (Figure 2A).

Figure 2. In both graphs, the upper boxes refer to the stages defined in the P-R model [44]. (A) Abundance (A), biomass (B), species richness (S) and Shannon-Wiener diversity (H′) trends along an organic enrichment gradient according to the P-R model adapted from Pearson and Rosenberg [44] and Hyland et al. [46]. PO, peak of opportunists; E, ecotone point. At the bottom of the graph the two arrows show the tendency of oxygen and toxicant concentration in the sediment along an organic enrichment gradient. Toxicant refers to substances derived from the OM load which may cause pollution, such as: by-products derived from anaerobic metabolism (NH3, H2S, and CH4), inorganic nutrients and pollutants. (B) General diversity (measured as H′ and Hurlbert's diversity) trend observed along organic enrichment gradients from several areas in the world [46,47].
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In addition, the P-R model states a theoretical trend of abundance, biomass, species richness and H′ along the gradient of organic enrichment, which has been widely reproduced and modified in many later works. For all these descriptors of the community, there is a common trend of an initial increase as OM load increases, with a peak at intermediate stages of organic enrichment, followed by a decrease until sediments become azoic. The phase in which each community descriptor peaks varies. H′ shows the highest value at the ecotone point, which is defined by a community of low abundance, low species richness and low biomass. After the ecotone, the polluted zone occurs, where the peak of abundance (of opportunistic species) is found. Between the ecotone and the normal stage there is the transitory stage (Figure 2A).

Advances in computer science have allowed scientists to study macrofauna diversity patterns using a multivariate approach. Multivariate techniques are robust tools that integrate all the species of the community by using matrices of macrofauna. These techniques can take into account, not just the number of species and individuals, but also the species identities and function. Hence, these tools can help in the study of the diversity of the macrofauna community, integrating its structure and composition. Additionally, multivariate techniques such as non-parametric multi-dimensional scaling (nMDS) are useful for studying macrofauna succession over spatial or temporal gradients. By using the distances within samples, we can get a representation of the stage and trend of the succession of a given community over a specific area or time span [24,48-51]. Nowadays, there are emerging techniques for measuring functional diversity that may help us to predict the loss of ecosystem functions caused by the loss of diversity [52].

In this paper we aim to review the diversity patterns of macrofauna under the influence of marine fish farming. First, we explain the spatial and temporal patterns of the diversity of macrofauna affected by fish farming and compare them with theP-R model. Then we comment the role of wild fish on modifying macrofauna diversity patterns in sediments affected by fish farming. Finally, we explain the importance of the macrofauna diversity in the ecosystem functioning and we give some recommendations to assess functional diversity related to relevant processes at ecosystem level.



2. Spatial Patterns in Benthic Macrofauna Diversity Caused by Fish Farming

Fish farming has similar effects on the benthos than other sources of organic enrichment, producing detrimental conditions derived from oxygen depletion and anaerobic metabolism, leading to changes in benthic diversity [53 and cites therein]. The deposition rate of OM derived from fish farming ultimately modulates the diversity patterns of the benthic communities in these areas [5,7,9,11]. OM deposition rates derived from aquaculture show an exponential decrease with distance from fish farms [9,54,55], which limits the extent of the perturbation to an area close to the fish cages [4,56,57]. The deposition rate is determined by related parameters of the farm (cultured species, feed used, biomass of fish in the farm) and the hydrodynamics of the site (current strength and the variability of current strength and direction) [58-61].

The hydrodynamics of the site will also determine the spatial extent of the enrichment gradient. Low current velocities will cause most of the OM to settle underneath the footprint of the farm (even at very deep sites) [54], higher current strengths will cause the OM to be deposited away from the farm while variations in current strengths will cause the OM to be deposited over larger areas at lower deposition rates [62]. Another important characteristic of OM deposition associated with fish farming is that OM deposition rates will vary with the farm cycle in the cases where the fish production is not continuous along time. This is the case, for example, of salmon farming, where OM deposition rates rise as the fish grow and require more food [7].

The diversity patterns of macrofauna community derived from fish farming have been widely studied worldwide [7,8,10,62-69]. Following gradients of increasing organic enrichment benthic communities become less diverse, exhibit a lower biomass and a higher proportion of deposit feeders [44,70,71]. This is because as oxygen concentration decreases in the sediment, there is a shift towards a few opportunistic/tolerant/r-selected species, which usually have a small body size. Among the major taxa that compose macrofauna, malacostaca crustaceans, followed by bivalves and gastropods, are the most sensitive group to changes produced by oxygen depletion [72]. As regards polychaetes, there are both sensitive and tolerant species. Spionids, and specially Capitellids, are the most tolerant families of polychaetes [70]. Among them, Capitella spp. is regarded as the quintessential indicator of oxygen depletion [44,71,73].

The gradient derived from organic enrichment caused by aquaculture, in general terms, coincides with the successional trend shown by the P-R model. In addition, in some studies dealing with sediments impacted by fish farming, the trend of abundance, biomass, species richness and H′ clearly matched with the P-R model [4,10,24,74,75]. However, in other studies the observed trends differed from the P-R model to some extent, finding no increase in species richness or H′ at a medium level of organic enrichment [8,11,56,76,77]. The fact that in some cases community descriptors indices did not follow the exact trend defined by the P-R model may be due to different reasons. One reason could be the use of a low number of sampling points to characterize the gradient, thus not giving enough resolution to detect maximums of some of the community descriptors at intermediate levels. Another reason could be that the organic enrichment level was not sufficient to show the whole gradient. Moreover, the response of macrofauna to fish farm wastes may also be influenced by sediment characteristics. For example, it has been observed that the P-R model describes changes in species composition in communities inhabiting silty sediment better that in coarser sediments [78].

Regardless of the trends followed by community descriptors, it is clear that communities do not tend to follow a linear and proportional response to OM deposition rate, as it happens with the buildup of toxic by-products of anaerobic metabolism [79]. Biological systems, such as communities, are more likely to resist the perturbation until a threshold is reached, above which serious changes are produced [80] (Figure 2B). The P–R model has been expanded by defining lower and upper thresholds for the biogeochemical parameters total organic carbon, dissolved oxygen and sulfide concentrations and redox potential corresponding to the response of the benthic communities in coastal and marine regions [46,47,81].

Even though these thresholds help us to improve our forecasting capacity of benthic diversity patterns, it is hard to define universal thresholds for all sediments. That is to say, two areas with the same concentration of some biogeochemical parameters may show different benthic diversity and status. This is because there are some sediment characteristics such as the grain size, sediment type (carbonate or non-biogenic), natural sedimentation regime and habitat type, that highly influences the benthic community assemblages.

In the case of the grain size, fine-grained sediments show a lesser space between particles than coarse-grain sediments. This influences the exchange rate of pore water and water from the water column, which, in turn, has important consequences for the recycling of oxygen in the pore water [18]. Thus oxygen is more likely to be depleted in fine than in coarse sediments, and so, under the same OM sedimentation rate fine sediments are expected to suffer more hypoxic events.

In the case of the sediment type, non-biogenic sediments usually have a higher concentration of reactive iron compared with carbonate sediments [3]. Since iron has a capacity to buffer the toxicity of dissolved sulfides[42], fauna inhabiting non-biogenic sediments will resist organic enrichment better than those inhabiting carbonate sediments. Therefore, sediments with different grain sizes and types may favor or hinder the toxicity produced by the reduced conditions due to organic enrichment, indirectly modifying macrofauna diversity and structure [3,66,82].

The natural sedimentation regime is also an important variable to take into account. Areas that naturally have greater sedimentation regime are likely to cope better in OM enrichment conditions, since the benthic communities are pre-adapted to high organic inputs [49].

Diversity patterns of macrofauna influenced by fish farming have been mostly studied in “bare”/non-vegetated habitats (e.g., [4,8,24,74]). Vegetated habitats influence macrofauna assemblages, leading to a different structure from that seen in non-vegetated areas [83,84]. Therefore, in this type of sediments diversity patterns under the influence of fish farming may differ from the P-R model. Recently, some studies have dealt with this issue in two types of vegetated sediments, Posidonia oceanica meadows and Maërl beds [11,62,66,85,86].

P. oceanica meadows are a common habitat in the Mediterranean Sea, where this species is endemic [87]. Under the influence of fish farming, diversity and other community descriptors do not seem to follow the P-R model in this habitat, showing no significant variations between impacted and reference sites in most of the cases [66,85,86]. These observations could be due to the fact that the OM input derived from fish farming was not large enough to produce major changes in the macrofauna parameters. This is understandable since P. oceanica is considered to be a sensitive species to organic enrichment sources such as fish farming [88-90]. Accordingly, in these studies, P. oceanica was present even in the sampling stations close to the fish farms.

To understand whether the cause of different diversity patterns in P. oceanica meadows are due to the habitat identity, to low deposition rates or to both, experiments should be complemented with measurements of deposition rates of OM. This is an example of the importance of knowing, not just the distance to the farm, but also the deposition rates of OM when studying the changes in benthic communities.

Maërl beds are also a vegetated habitat formed by the accumulation of unattached coralline red algae. This habitat is commonly found in zones with strong currents between 15 and 60 m depth, approximately [91]. Despite being quite a common habitat, to the best of our knowledge only two studies have dealt with changes in the diversity patterns of macrofauna due to fish farming in Maërl beds [11,62]. These studies have revealed that most community descriptors (including diversity) may not show maximums at intermediate disturbance levels.

In one of these studies the deposition rate of OM were measured and revealed that the deposition rate below the fish farm was significantly greater than the basal deposition rate [11]. Thus, below the fish farms coralline algae were mostly dead [11,62]. Due to the small number of studies, more research on diversity patterns of macrofauna is necessary on vegetated sediments, to ensure if the patterns shown in these studies are widespread.

In summary, under the influence of fish farming, macrofauna follows the general trends of diversity and other community parameters defined in the P-R model, but these trends can vary according to sediment local characteristics (i.e. grain size, sediment type, basal conditions and habitat type). In order to have a better forecasting of the diversity patterns in different sediments affected by fish farming, different thresholds should be calculated according to the sediment local characteristics. To do this, more research effort on merging OM deposition rates, sediment local characteristics and macrofauna diversity patterns should be carried out.



3. Temporal Patterns in Benthic Macrofauna Diversity after Fish Farm Abatement

The chemical conditions of the sediment after the cessation of the fish farming activity can be restored in a relatively short period of time, even though the recovery of the communities inhabiting the sediment is expected to be slower [65]. This is due to fact that the recruitment of less pollution-tolerant species can only take place after reestablishment of non-polluted conditions in the sediment [50]. In this manuscript, we will use the term “sediment recovery” to refer to the recovery of the macrofauna community.

Seabed recovery after the cessation of fish farm activity shows a high variation among different regions around the world. Some studies found a rapid recovery lasting from few [64,92] to several months [7,49], while in most takes years [2,48,50,51,65,93-96]. The potential of the benthic community to recover after organic enrichment abatement depends on abiotic and biotic factors, as well as on natural sedimentation regime, that determine the species composition within the community and on the tolerance among these species of hypoxia and anoxia [72,97]. Abiotic factors include: depth, topography, current velocity and direction, water temperature, cultured species and composition of feed, [51,93], while biotic factors include: recruitment (larvae supply), competition and ratio of opportunistic species among others [64,98].

In this sense, the recovery of sediments (either defaunated or with a degraded community) after periods of hypoxia is quicker in open coastal areas than in sheltered ones [93]. As for the spatial diversity patterns, natural sedimentation regime also affects the recovery of the sediments. Sediments with a natural high OM load are expected to hold communities with a greater proportion of opportunistic species with shorten life cycles and higher tolerance to oxygen depletion compared to more oligotrophic sediments [66]. Opportunists are the initial colonizers of impacted sediments after the perturbation has ceased [98]. Considering that the colonization of impacted areas is mainly performed with the communities of adjacent areas [99], the species of sediments with a natural high OM load are more likely to rapidly recolonize the impacted areas after the cessation of the disturbance. Therefore, sediments with a natural high OM load may have a natural resilience to overcome organic enrichment episodes [49]. These are some examples that show us how important it is to take into account the baseline conditions of the area in order to better predict recovery [25].

According to Pearson and Rosenberg [44], the temporal pattern of recovery of sediments is similar to the established successional stages of the P-R model along a spatial gradient of organic enrichment, but with unpredictable intermediate stages. This is also the case for sediments after fish farm cessation, where the diversity and structure of the macrofauna community match the trend of the P-R model for the initial and final stages, but not for intermediate stages [48-51]. This unpredictability of intermediate stages of recovery may be due to secondary disturbances [48,51].

Secondary disturbances can be intrinsic, such as the increase in organic material due to exploitation of sedimented nutrients by algal production [48], or extrinsic due to other sources of external perturbation, such as the import of OM [50,51]. The higher variability in the temporal pattern of succession may be due to the fact that transitory communities show a lower diversity and a more simple functional structure than undisturbed communities [51]. Thus, transitory communities can be less resilient to environmental shifts compared with undisturbed communities [100,101].

Improving our understanding on benthic recovery could contribute to better manage fish farming by helping to establish optimized fallowing periods between production cycles. More importantly, it would help us to predict the changes that occur during farming so that overloading of the sediment, i.e. defaunation or polluted community stages can be prevented. Furthermore, examining the dynamics of benthic recovery could allow us to predict possible catastrophic shifts [102]. For example, a shift towards a different community than the previous one before the fish farm activity began [96]. More research should focus on studying the dynamics of benthic recovery, identifying the factors that produce secondary disturbances during recovery processes and comprehending the way that the secondary disturbances affect recovery dynamics.



4. Wild Fish Modulate the Benthic Effects of Fish Farming on Macrofauna Diversity Patterns

Fish cages, as any other floating object in the sea, tend to aggregate wild fish in their vicinities [103-109], an effect which has been reported in many parts of the world [103,104,110-112]. The attraction of wild fish to fish cages is enhanced by the fact that wild fish consume fish feed, feces or substances derived from the feeding of the cultured fish [55,113-115]. Hence, fish farms can hold up to 40 tons of wild fish [107,108] and abundances 20 times greater than in natural conditions [104] (Figure 3). Thus, wild fish may play a substantial role on modulating the effects of fish farming on the benthos and so, on the diversity patterns of macrofauna. Despite this fact, very little attention has been paid to this issue.

Figure 3. Picture showing wild fish aggregation in a fish farm in the Mediterranean Sea (Spain).
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The most obvious effect of wild fish related with aquaculture environmental effects is the consumption of fish farm wastes. In the few studies that have dealt with this issue it has been found that, in the water column, wild fish can consume a substantial part (between 80 and 40%) of the total wastes released by fish farming [55,113,115]. So it is expected that wild fish indirectly modulates macrofauna diversity patterns by diminishing organic enrichment conditions derived from fish farming. Wild fish abundance and biomass varies greatly among locations [103,107,108,110], hence the extent to which wild fish modulate macrofauna diversity is expected to be also greatly variable among fish farms.

On the other hand, wild fish can also modulate the macrofaunal diversity and structure in a direct way. Demersal and benthic wild fish when feeding may have several effects on the benthic system, not only arising from their predation on the benthic fauna, but also from the consumption of OM on the seabed and resulting bioturbation of the sediment [116]. Wild fish, by consuming organic wastes and bioturbating the sediments, can ameliorate the effects of organic reduced/anoxic conditions due to organic enrichment and increasing mineralization rates [115,116]. These processes improve the sediment chemical status by increasing the oxygen supply to the sediments and by diminishing toxic metabolites derived from anoxic metabolism. Moreover, wild fish that feed on macrofauna community, decrease macrofauna tolerant species density, such as Capitellidae, increasing the evenness among species of the community and so the H′ [115]. This behavior of wild fish has been observed in locations with sheltered conditions [115,116].

However, in more open water locations, demersal and benthic wild fish do not have a significant effect on the benthic community [117]. This may be because, at these locations, the low waste sedimentation rate that reaches the benthos prevents wild fish attraction.

In summary, associated wild fish can influence macrofauna diversity patterns by diminish organic enrichment derived from fish farming in two ways: (1) indirectly, in the water column, by decreasing the deposition rates of OM to the benthic system and (2) directly, in the sea bed, by consuming fish farm wastes, predation and bioturbation. Due to the limited number of works studying these issues, more experiments are needed in order to provide more robust estimates of the effect of wild fish in reducing deposition rates of OM and to better understand how wild fish modulate macrofauna benthic diversity and structure and the drivers that influence these patterns.



5. Assessing Loss on Ecosystem Functioning due to the Alteration of Diversity in Sediments Influenced by Fish Farming

Diversity is influenced by processes in the ecosystem such as disturbances, but at the same time, diversity influences the performance of ecosystem functions [118]. Thus, the alterations in the macrofauna diversity caused by fish farming may have important consequences in ecosystem functions, such as the mineralization of OM.

Macrofauna communities that exhibit a natural diversity, have a range of species with different biology, and so with different active biological transport traits [119,120]. Conversely, sediments affected by organic enrichment sources, such as fish farming, show less diverse macrofauna communities mainly composed by small opportunistic species with lower active biological transport activity [44,96,121]. This results in decreased metabolic capacity of the sediment, which may not be able to put up with the high OM loads derived from the fish farming activity, and may result in increased accumulation of organic waste products [122].

Of special relevance for the environmental management of aquaculture is to consider how the alteration of benthic diversity affects the metabolic capacity of the sediment, in order to maintain a community able to put up with the increased OM loads derived from the fish farming activity.

Concerning the P-R model, the maximum active biological transport activity of macrofauna species, as regards traits and sediment depth, refers to the normal stage [44,73]. Accordingly, this stage is the one which has the widest oxic layer in the sediment. This matches with Hargrave et al. [81], which related the normal stage of the P-R model to the highest levels of the species diversity and redox potential. Similarly, models based on the macrofauna diversity patterns along OM gradients have shown diversity to be greater with lower OM loads [46,47] (Figure 1B).

Even though communities at the normal stage are expected to have a maximum performance of the ecosystem processes, a decrease in the diversity does not necessarily imply a decrease in the performance of a specific ecosystem processes [123]. Ecosystem processes may be more dependent on functional diversity than on species diversity [124,125]. This is because there may be functionally equivalent species, and so the disappearance of some of these species may not alter the performance of a specific ecosystem function notably [126].

Nevertheless, different species may have different active biological transport traits that may contribute to a different extent to the transport of electron acceptors between the water column and the porewater [124,127]. Among the species that form a community, keystone species have a great importance since they have a disproportionate effect in the maintenance of community structure and ecosystem functioning [127-129]. Because of this, diversity and functional diversity have a positive, but not linear, relationship with ecosystem functioning [123,130].

Following this reasoning, in areas affected by aquaculture, if we are aiming to keep ecosystem processes at a viable rate, the best strategy to assess the status of ecosystem processes may not be to use traditional diversity measures, such as species richness and H′. For example, the loss of just one species may not produce a sensitive decrease in the overall community diversity, but it may have different relevance for the ecosystem processes. If the species lost is functionally equivalent with another one, it may not imply a notable decrease in the performance of a given ecosystem process [123,131]. However, if the species lost is a keystone species, its removal can have a notable decrease in the performance of the process [132] (Figure 4). Similarly, as regards benthic recovery after the cessation of the fish farming, the restoration of ecosystem functions may be a more useful indicator of recovery than the community equivalence with unpolluted areas [121].

Figure 4. A simplified example of the relative importance that each species could have for a given ecosystem function, and the differential loss of performance of an ecosystem function due to the extinction of different species. (A) This example is based on a macrofauna community composed of eight species which are assigned to different functional groups according to their active biological transport traits. (B) Different traits of active biological transport enhance the metabolic capacity of the sediment to a different extent. Hence, the extinction of different species may affect ecosystem functioning differently according to the type and uniqueness of the trait of the species lost. Note that the loss of species richness, per se, does not necessarily imply a decrease in the performance of a given ecosystem process [123,131]. But, some species may have a disproportionate influence relative to others, and their removal can incur a notable decrease in the performance of that process [132].
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Few studies have dealt with the effects of fish farming on the ecosystem functioning [11,51,96,121,133]. In these studies, one or more functional traits have been assigned to each species and then the changes on functional diversity have been compared according to the level of fish farm impact. All these studies have not focused on a particular ecosystem process and so they have given the same importance to each trait. To the best of our knowledge, only Papageorgiou et al. [133] have really employed active biological transport traits in the delineation of functional groups.

The work from Papageorgiou et al. [133] could be a good starting point to develop a measure of functional diversity of the macrofauna community that allows us to assess the performance of a specific relevant ecosystem process, such as, the metabolic capacity of the sediment. Let us call this measure performance of functional diversity (PFD). A way of developing such a measure could be by addressing the following issues: (1) identification of which species and traits have a large influence on a specific ecosystem process, (2) development of functional response groups based on these traits [134] and (3) estimating the relative importance of each functional group to the specific ecosystem process (Figure 4).

There has already been some work done on the identification of the species relevant traits related to the metabolic capacity of the sediment [135], but more experiments may be necessary for some species whose traits are not clearly defined. Then, the species, according to their relevant traits, could be included in their corresponding functional group. It would also be important to identify the presence of keystone species, if any. Once keystone species have been identified; each keystone could be treated as a separate functional group. After the functional groups have been developed, it would be desirable to quantify the relative importance of each functional group for a given ecosystem process by performing specific experiments for this task [124,136].

Then, the measure of PFD could be developed under a similar conceptual basis as functional diversity (FD) defined by Petchey and Gaston [137], in the sense that it takes into account the relative importance of each functional group to calculate functional diversity. However, in our case, it would be desirable that the measure obtained would be related to an estimation of the performance of the ecosystem process.

Thereby, it would be possible to assess the status of the ecosystem functioning for a given process by studying the composition and structure of a community and then applying the measure of PFD. Furthermore, “functional” thresholds related to fish farming for a particular macrofauna community could be obtained, i.e. the maximum organic load that a given community can undergo maintaining the metabolic capacity of the sediment at a viable rate.

The same proceeding could be done for other relevant ecosystem processes in order to obtain their respective “functional” thresholds for different macrofauna communities. The use of PFD measures would allow to assess the status of the ecosystem functioning and to predict the decrease in performance of ecosystem processes derived from the alteration of diversity due to fish farming.

Nevertheless, it has to be considered that species with the same specific traits may differ in aspects related with their ecology, and different environmental conditions may affect the rates of their activities differently. Furthermore, species linkages are poorly understood, and removal of one could, directly or indirectly, affect others [132]. The more the spatial and temporal variability increases, more species are needed to ensure a viable performance of ecosystem processes [123]. Thus, taking into account that we live in a constantly changing world, as a measure of precaution, it would be recommended to preserve a greater amount of diversity than just the exact estimated quantity to maintain ecosystem functions.



6. Conclusions

Macrofauna diversity patterns under the influence of fish farming have been studied to some extent, but further research is needed in order to have a more accurate forecasting capacity of these patterns. On the one hand, more studies merging OM deposition rates, sediment local characteristics and macrofauna diversity patterns, should be performed. Benthic succession should be investigated more thoroughly in order to try to disentangle the different drivers that make diversity patterns so unpredictable at transitory stages. Also, the role of wild fish in modulating macrofauna diversity patterns (directly and indirectly) should be studied more deeply in order to have a better understanding of these processes. On the other hand, it would be desirable to be able to measure functional diversity related to processes relevant at an ecosystem level. To do this, we should create functional groups based on relevant traits linked to ecosystem processes and take into account the relative importance of each functional group in a given ecosystem process. Advances in these directions could help environmental protection agencies to improve their management strategies to guarantee a good status of the diversity and ecosystem functioning of sediments influenced by fish farming.
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