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Abstract: Changes of vegetation due to deer grazing may result in floristic homogenization or
differentiation. The relationships between the changes caused by grazing are still being debated.
Vascular plants and grazing by Cervus nippon were recorded in 2010 and 2018 in Betula forests
and tall grassland communities in a subalpine zone, central Japan. Species composition differed
significantly between vegetation types in both censuses. The α-diversity had declined significantly
in both vegetation types. Metrics related to species replacement made a greater contribution to
β-diversity than those related to nestedness in both vegetation types. A decrease of β-diversity based
on incidence data from 2010 to 2018 in the Betula forests indicated that floristic homogenization had
occurred; an increase of β-diversity based on abundance data from 2010 to 2018 in the grasslands
indicated that floristic differentiation had occurred. Changes of α-diversity in both vegetation types
and of β-diversity in the grasslands were significantly correlated with grazing intensity. These
results showed that deterministic processes, which originally differed between the Betula forests and
grasslands, would be the dominant causes of floristic changes under deer-grazing pressure.
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1. Introduction

Studies of the effects of ungulate herbivory on vegetation are an important component of
biodiversity research due to the need to elucidate the mechanisms by which plant communities
are formed and maintained and to manage the effects of herbivory [1]. Although some
vegetation types were formed and maintained from long-term grazing and browsing by
ungulate herbivores [2,3], recently colonized and overabundant ungulate herbivores could
severely impact vegetation. The number of long-term studies (e.g., >20 years) regarding
changes of vegetation caused by ungulate herbivory has been increasing, and some of the
results have shown changes of α- and β-diversity that have reflected changes of the number,
abundance, and composition of plant species [1,4,5]. Ungulate herbivory can substantially
and rapidly affect the composition of vegetation, even in the short term (e.g., ≤10 years) [4,6].
After devastating and lasting changes, it is difficult to rehabilitate vegetation or restore it to its
original state [7]. To detect signs of such changes, it is necessary to study not only long-term
but also short-term changes of vegetation in response to ungulate herbivory, particularly in
sites where vegetation should be conserved (e.g., nature reserves).

The number and abundance of palatable and unpalatable species depend on the
original vegetation types, which in turn are governed by environmental conditions and
grazing intensity [8,9]. The effects of ungulate grazing on vegetation are complicated not
only by changes in the number of species [1,5], but also by decreases in the abundance
of palatable species and increases in the abundance of unpalatable species [8–11]. Biotic
homogenization, which is defined generally as the process by which the genetic, taxonomic,
or functional similarities of biotas increase over time [12], has been documented in the
case of vegetation [13,14]. Since floristic homogenization involves a temporal decrease
in β-diversity (i.e., an increase of the similarity of species composition among sites) [15],
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dissimilarity metrics are typically used to detect homogenization (e.g., [8,16]). Floris-
tic homogenization is caused by changes in species richness—either an increase [17] or
a decrease [18]—and changes in species attributes such as an increase in the number of
generalist species [8], a loss of specialists [16], or an increase in the numbers of exotic [18,19]
or native species [17,20]. Ungulate grazing could promote either floristic homogenization
or differentiation shaping such changes [4,21–23]. Thus, factors affecting floristic homog-
enization or differentiation were unclear until now. Also, to understand the changes in
plant community, it is important to clarify the mechanisms behind the relative importance
of deterministic processes (niche-related, including interspecific interactions, and environ-
mental forcing) and stochastic processes (unselective, including colonization or extinction
dynamics, and ecological drift) [24,25]. The results of efforts to elucidate the effects of
ungulate grazing on these processes are still being debated, and no conclusions have been
reached [25–27] since grazing reduces the predictability of both successional trends and
species-level dynamics [26]. It is thus necessary to better understand the relationship
between the floristic changes (homogenization or differentiation) caused by grazing and
the processes that originally formed vegetation types.

In Japan, the numbers of sika deer (Cervus nippon), an indigenous species, have
increased since about 2000 as a result of decreased hunting pressure, land use change by
depopulation in rural areas and so on [28,29]. The effects of their browsing, grazing, and
debarking have been severe in the last two decades (e.g., [14,30,31]), unlike the effects of
long-term grazing by domestic animals (e.g., [26]). The area inhabited by sika deer has
been expanding from the lowlands to the highlands [29] and to nature reserves [28,32], as
a result of changes in habitat selection due to culling designed to manage deer population
and hunting [33,34]. Natural and some semi-natural vegetation originally established in the
absence of grazing has been significantly affected by the recent heavy grazing [10,35]. The
effects of this grazing on vulnerable and important vegetation should be evaluated to enable
the establishment of conservation targets that will provide protection from grazing [36].

In this study, I examined changes of two types of natural vegetation (dwarf Betula
forests and grasslands) that have evolved under different natural conditions in a subalpine
zone of central Japan. The objectives of this study were to determine vegetation changes
due to deer grazing on α- and β-diversity and to evaluate the potential role of deer
grazing in changing the abundance and distribution towards floristic homogenization
or differentiation.

2. Materials and Methods
2.1. Study Site

The study site was at elevations of 2200–2800 m on the side of Mt. Kita (eleva-
tion, 3193 m), which is the second-tallest mountain in Japan and is located in Yamanashi
Prefecture, central Japan. Mt. Kita and the surrounding area are registered and pre-
served as the Minami Alps Biosphere Reserve (302,474 ha) and the Minami Alps National
Park (35,752 ha). In this area, no sika deer were found at elevations higher than about
1000 m until two decades ago (S. Izumiyama, personal communication). However, the
estimated sika deer density in this area increased from about 10 individuals/km2 in 2010 to
16 individuals/km2 in 2018 (ref. [29] and unpublished data).

Two types of vegetation dominate the subalpine zone of this area, namely dwarf Betula
ermanii forests and tall grassland communities, which are mainly dominated by Trollius
shinanensis and Ranunculus acris var. nipponicus [37]. These vegetation types are broadly
distributed in the core areas (24,970 ha) of the biosphere reserve. These types of vegetation
were chosen as study sites since grazing and browsing by deer have been heavy on these
vegetation types [32]. The Betula forests are edaphic climax forests, and the frequent
sprouting of B. ermanii reflects the effects of heavy snow pressure and avalanches [37]. The
grasslands of this study site are found on slopes along ravines and on subalpine, gentle,
leeward slopes where forests have not become established due to the over-moist conditions
created by late melting of snow [38].
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The two vegetation types were adjacent to each other, and had no human intervention.
Detailed information about the study area can be found in Nagaike [32].

2.2. Experimental Design

Transects were set up along a trail (about 1 m wide and unpaved) through each
vegetation community at approximately 30-m intervals in 2010 (ref. [32], Figure S1). The
transects were approximately 20 m long and straddled the trail. Quadrats (1 m × 1 m) were
set up every ~5 m along both sides of the trail (i.e., 5 quadrats on each side—10 quadrats
in total—along each transect) and located 1–2 m from the trail edge (Figure S1). There
were 16 transects in the Betula forests and 26 in the tall grassland communities. In total,
420 quadrats were set up. The elevation of the study transects was 2406–2730 m in the
Betula forests and 2219–2812 m in the tall grasslands. None of the quadrats was affected by
human intervention since walking outside a trail is forbidden. The transects were located at
precisely the same places in both censuses using global positioning systems. The locations
of the quadrats were measured and placed at 5-m intervals along the trail associated with
each transect. The quadrats were thus not placed at exactly the same places during the
censuses. Places impacted by heavy trampling by sika deer were apparent (e.g., sika deer
trails) and were avoided to focus the study on grazing effects. The names of the vascular
plants (<2 m tall) occurring in each quadrat were recorded (presence/absence data) to
evaluate the effects of grazing on understory vegetation. Whether the species found in each
quadrat had been grazed by sika deer was also recorded. This census was conducted in
late August of 2010 and 2018.

2.3. Study of Plant Diversity

The presence/absence data for each species and whether the species had been grazed
by sika deer in each quadrat were summed for each transect (i.e., 0–10 for each species
in a transect). The frequencies of occurrence of each species of vegetation and of grazing
by sika deer on each species were thus obtained for each transect. The grazing ratios (the
number of grazed quadrats divided by the total number of quadrats) were calculated for
each species and transect. The α-diversity (species richness [the number of species per
transect], the Shannon–Wiener diversity index (H′; [39]), and the evenness index (J′; [39]))
was calculated for each transect. The values of H′ and J′ were quantified by using the
frequency of occurrence of each species. H′ and J′ were calculated from the frequency (1–10)
of occurrence of each species per transect. The H′ and J′ indices were calculated using the
following formulae:

H′ = −
m

∑
i=1

pi ln pi,

J′ = H′/ ln m,

where pi is the frequency of occurrence of each species relative to the total frequency of
occurrence of all species in each transect, and m is the number of species in each transect.

To calculate β-diversity with incidence and abundance data, I used a partitioning tech-
nique for the β-diversity of vegetation in accordance with the framework of Baselga [40,41]
as follows (Table 1). For incidence data, βSOR = βSIM + βSNE; where βSOR (Sørensen dissim-
ilarity) represents the total difference in species composition between censuses in a transect
and among transects in each vegetation type, and βSIM (Simpson dissimilarity) and βSNE
(nestedness-driven dissimilarity) are the “turnover” and “nestedness” components, respec-
tively, of the species composition. For abundance data, βBC = βBC.BAL + βBC.GRA, where
βBC (Bray–Curtis dissimilarity) represents the total difference in species composition, and
βBC.BAL (the individuals of some species in one transect or census are replaced by the same
number of individuals of a different species in another transect or census; substitution) and
βBC.GRA (some individuals are lost from one transect to the other or between census periods;
subset) are its “replacement and balanced variation in abundance” and “nestedness in
abundance gradients” components, respectively [41].
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Table 1. β-diversity indices [41].

Incidence Data

βSOR
Sørensen dissimilarity. The total difference in species composition between
censuses in a transect and between two transects in each vegetation type

βSIM Simpson dissimilarity. Turnover
βSNE Nestedness-driven dissimilarity. Nestedness

Abundance data
βBC Bray–Curtis dissimilarity. The total difference in species composition

βBC.BAL

Replacement and balanced variation in abundance. The individuals of some
species in one transect or census are replaced by the same number of
individuals of a different species in another transect or census; substitution

βBC.GRA
Nestedness in abundance gradients. Some individuals are lost from one
transect to the other or between census periods; subset

2.4. Data Analysis

A multi-response permutation procedure (MRPP) was used to test for compositional
differences between vegetation types and across censuses. The MRPP is a nonparametric
procedure for testing the hypothesis of no difference between two or more groups, which is
established a priori by comparing the average within-group similarity with the similarity
among transects [42]. Sørensen (incidence data) and Bray-Curtis (abundance data) similar-
ity indexes were used for the MRPP. Being nonparametric, the MRPP was well suited to my
data, which were on discontinuous scales and included a high proportion of zeroes [43].

Indicator Species Analysis [44] was carried out to find the changes of the frequency
of occurrence between 2010 and 2018 of the species assigned to each vegetation type. The
significance of the changes was evaluated using a Monte Carlo simulation with 1000 runs,
in which samples were randomly reassigned to either 2010 or 2018, and the changes were
recalculated. For α- and β-diversity metrics and grazing ratios, the differences between
2010 and 2018 and between vegetation types were tested by using the exact Wilcoxon
signed-rank test and the Wilcoxon rank-sum test, respectively. Simple correlations between
grazing ratios and α- and β-diversity metrics were tested for significance based on the
significance of Pearson’s product-moment correlation coefficients.

All analyses were performed in R version. 3.5.2 software [45] by using the “vegan”
package for MRPP [46], the “exactRankTests” package for the exact Wilcoxon signed-rank
test [47], the “betapart” package for β-diversity [40,41,48] and the “indicspecies” package
for Indicator Species Analysis [44]. Plant nomenclature followed that of Yonekura and
Kajita [49].

3. Results
3.1. Changes in α- and β-Diversity

In both Betula forests and grasslands, species richness and H′ were significantly lower
in 2018 than in 2010, whereas J′ did not change significantly (Figure 1). The decrease of
species richness and H′ from 2010 to 2018 was greater in the Betula forests than in the
grasslands. Species richness and diversity (H′ and J′) were higher in the Betula forests than
in the grasslands (p < 0.01 in both censuses). The number of species that disappeared from
2010 to 2018 was significantly greater than the number of new species that appeared in
both vegetation types (Figure 2).

The changes of β-diversity among transects in each vegetation type from 2010 to 2018 dif-
fered between metrics of incidence and abundance (Figure 3). Among the incidence metrics,
βSOR (Sørensen dissimilarity) and βSIM (Simpson dissimilarity) decreased significantly, and
βSNE (nestedness-driven dissimilarity) increased significantly from 2010 to 2018 in the Betula
forests. Among the abundance metrics, βBC (Bray–Curtis dissimilarity) and βBC.BAL (sub-
stitution) increased significantly, and βBC.GRA (subset) decreased from 2010 to 2018 in the
grasslands. The β-diversity among transects did not change significantly between vegetation
types based on either incidence or abundance metrics (Figure S2). The metrics associated with
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species replacement (βSIM for incidence data and βBC.BAL for abundance data) made a greater
contribution to total β-diversity than those associated with nestedness (βSNE for incidence
data and βBC.GRA for abundance data) (Figures 3 and S2).

There were more low-frequency species in the grasslands than in the Betula forests
(Figure S3). Occurrence frequencies in most of the transects declined from 2010 to 2018
(Figure S4). The fact that the correlation coefficient between occurrence frequencies in 2010
and 2018 was significantly positive in the grasslands (p < 0.01) but not in the Betula forests
indicated that the occurrence frequencies of species in the Betula forests were similar in
both 2010 and 2018.

Species composition differed significantly between vegetation types in both censuses
(p < 0.01, Table S1).
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3.2. Grazing by Sika Deer

In both types of vegetation, the grazing ratio did not differ significantly between
2010 and 2018 (Figure 4), but the grazing ratio was higher in the Betula forests than in
the grasslands (p < 0.01 in both censuses). The grazing pressure was thus maintained
throughout the study period, particularly in the Betula forests.
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Changes in species richness from 2010 to 2018 were significantly and negatively
correlated with the grazing ratio in 2018 for both types of vegetation (p < 0.05 in Betula
forests; p < 0.01 in grasslands) (Figure 5). Changes in H′ were significantly and negatively
correlated with the grazing ratio in the grasslands (p < 0.01), whereas changes in J′ were
significantly and positively correlated with the grazing ratio in the Betula forests (p < 0.01).

The change of β-diversity between 2010 and 2018 in each transect was significantly and
positively correlated with the grazing ratio in only the grasslands (βSNE in 2010 and βSNE
and βBC.GRA in 2018), and the β-diversity metrics that changed were related to nestedness
(Figure 6).

The grazing ratios of individual species were not significantly correlated with the
changes of the occurrence frequencies of those species between censuses (Figure 7). The fact
that the occurrence frequencies of some species declined with or without grazing indicated
that changes of the occurrence frequency were not dependent on the grazing ratio. The
ratio of the number of ungrazed species to the total number of species in each vegetation
type increased from 50% in 2010 to 66% in 2018 in the Betula forests and from 60% in 2010 to
67% in 2018 in the grasslands. The Indicator Species Analysis revealed that the occurrence
frequencies of eight species (Aconitum senanense subsp. Senanense, Astilbe microphylla var.
microphylla, Cimicifuga simplex var. simplex, Dryopteris coreanomontana, Luzula oligantha,
Pedicularis resupinata subsp. teucriifolia, Sorbus matsumurana, and Thalictrum aquilegiifolium
var. intermedium) in the Betula forests and five species (Aconitum senanense subsp. senanense,
Athyrium distentifolium, Epilobium amurense. subsp. Cephalostigma, Filipendula camtschatica,
and Pedicularis resupinata subsp. teucriifolia) in the grasslands differed significantly between
censuses (p < 0.05), and the occurrence frequencies of all of these species were significantly
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higher in 2010 than in 2018. Most of these species were heavily grazed in 2010, and they
consequently declined in abundance or disappeared (Table S2).
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4. Discussion
4.1. Changes in α- and β-Diversity

The incidence-based metrics indicated that there had been a floristic homogenization
in the Betula forests relative to the grasslands (Figure 3). Previous studies have shown that
homogenization of vegetation can be accompanied by either increasing [17,50,51] or decreasing
species richness [13,16,52]. Also, a gain of common species and generalists [4,8,50] and loss
of rare species and specialists [16,53] can cause floristic homogenization [but see [22]]. Some
cases of biotic homogenization have been caused by low species turnover between censuses [5].
In Betula forests, species richness, H′, and βSIM, which reflect species turnover, significantly
decreased between 2010 and 2018 (Figures 1, 3 and 4). There were more low-frequency species
in the grasslands than in the Betula forests (Figure S3). These decreases might have reflected
the fact that constant grazing pressure led to floristic homogenization.

In contrast, floristic differentiation in the grasslands was apparent in the abundance
metrics of β-diversity (Figure 3). This pattern has occurred due to a decline of α-diversity and
changes of occurrence frequency and species replacement. Temporal floristic differentiation
(i.e., increasing β-diversity between censuses) could result from colonization by new species
as well as changes of occurrence frequency [5,22]. These results could reflect the fact that less
frequent species, the numbers of which were variable and fluctuated between censuses, were
abundant (e.g., Agrostis flaccida, Helonias orientalis) in the grasslands (Figure S3).

4.2. Effects of Grazing on α- and β-Diversity

Floristic differentiation by grazing was appeared in the grasslands and not in the
Betula forests (Figure 6). The effects of grazing on α-diversity were apparent in 2018 but
not in 2010 (Figure 5). This difference was caused by the constant grazing pressure on the
vegetation (Figure 4) and the stability of the sika deer population in the study site revealed
by photographs taken with camera traps (T. Nagaike and H. Iijima, unpublished data).
The effects on α-diversity resulted from changes in the abundance of species the sika deer
preferred to graze heavily (e.g., Angelica pubescens var. matsumurae, Cirsium senjoense, Rumex
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alpestris subsp. lapponicus) (Table S2). However, the occurrence frequency of species that
went ungrazed—which I surmised were unpalatable or less preferred (e.g., Maianthemum
dilatatum)—increased in 2018 (Figure 7). Constant grazing intensity would result in a loss
of species preferred by the deer [21]. In contrast, some studies have shown that grazing
can increase species richness [5]. These differences reflect the variability of responses and
the duration of grazing. Grazing creates and maintains high species richness in woody
pastures and grasslands that have been under traditional land use for a long time [5,6]. Sika
deer were not present at my study sites until 20 years ago, but their numbers subsequently
increased [32]. Therefore, species that had poor tolerance to grazing have disappeared from
these sites, and their disappearance could have caused the declines in species richness and
H′ (Figure 1). In fact, the species richness was significantly lower on transects where higher
grazing impact was observed (Figure 5). The responses of species to grazing were quite
variable (Figure 7). The occurrence frequency of some species was enhanced, even at sites
that were heavily grazed, whereas the occurrence frequency of others declined at those
sites. For example, the occurrence frequency of Thelypteris quelpaertensis increased in the
Betula forests, regardless of higher deer grazing impact (Figure 7; Table S2).

The variety of vegetation types studied here was the result of differences in natural
conditions. For example, delayed melting of snow beds occurred on the grasslands but not
in the Betula forests. Two types of vegetation adapted to different conditions (i.e., different
deterministic processes) may respond differently to grazing. Baeten et al. [54] have shown
that the response to deer grazing of forest understory vegetation over a 30-year period was
a marked decrease of local species richness and a shift of the variation in species composi-
tion from site to site towards a structure with reduced true species turnover and increased
dissimilarity due to nestedness. The results were similar in the Betula forests: a decrease
in species richness and diversity and a strengthening of homogenization. In contrast, the
grasslands did not develop strong floristic homogenization but instead transitioned toward
floristic heterogeneity. The likely reasons for these differences in vegetational change can
be summarized as follows. First, unpalatable species or species less preferred for grazing in
2010 might have already been abundant in the grasslands (e.g., Fallopia japonica, Calamagrostis
purpurea), whereas preferred species have remained in the Betula forests. In fact, during 2010,
the grazing ratio was lower in the grasslands than in the Betula forests [32]. The Betula forests
thus developed few new species and instead became less species rich. Since the duration of
grazing was not long (<20 years), the type of habitat in which species preferred for grazing by
deer remained (i.e., the Betula forests) would have been intensively grazed during the study
period and would consequently have lost species. The vegetation in the grasslands have
been changed with release from nestedness (Figure 3). Therefore, the plant community in
the grasslands at my study site already have changed from sensitive to relatively insensitive
species (i.e., through the spread of unpalatable or less preferred species), and thereby have
reached a recalcitrant state [55].

The second possible reason for the differences in change between the two vegetation
types is that differences in the original vegetation due to environmental filtering (e.g., by
natural selection associated with different conditions) could have resulted in different re-
sponses. The processes of vegetation change by grazing have also been explained in terms
of both deterministic [25] and stochastic [26,27] processes. Large mammalian herbivores act
as strong deterministic forces during community assembly and can homogenize plant com-
munities [25]. My study showed that environmental filtering, including filtering by natural
selection associated with environmental conditions, governs the initial differences in species
composition between types of vegetation (Figure S2). It also showed that the preference of
grazers for species is selective (ref. [56], Figure 7). Changes in community assembly processes
over time may reflect grazing intensity and species attributes [26]. Ross et al. [13] have shown
that previously distinct vegetation types become more similar in composition when they are
overgrazed. However, in the two vegetation types I studied here, the species composition
remained different (Table S1), and the difference between vegetation types due to deterministic
processes has continued to be influenced by grazing.
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The responses of vegetation to grazing differed between the two types of vegetation in
this study. Pre-deer-grazing differences in species composition likely caused the differences
in these responses. The condition of the vegetation when grazing starts can affect the
results of homogenization [1,54,57]. To reduce grazing impacts and restore vegetation, it is
necessary to consider the characteristics of each type of vegetation, since grazing impacts
vary with the abundance of palatable species and the resistance and resilience of vegetation.
The factors causing floristic homogenization or differentiation in response to deer grazing
are not simple, and further studies that consider spatiotemporal scales are needed.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/d15020192/s1, Figure S1: Study design; Figure S2: Comparison
of β-diversity indices between 2010 and 2018 in each vegetation type. The exact Wilcoxon signed-rank
test was used to compare types of vegetation. None of the combinations was significantly different.
B: Betula forests, G: Grasslands; Figure S3: Changes in the patterns of species occurrence in each
vegetation type. The percentages of the number of transects in which each species occurred to total
number of transects for each vegetation type are shown for each of the percentages listed in the key;
Figure S4: Relationship between occurrence frequency in each plot in 2010 and 2018. Straight transect
is 1:1 relationship; Table S1: Results of multi-response permutation procedure; Table S2: Species list.
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